Invasive animal species are a major factor in the extinction and endangerment of native species worldwide. Longterm monitoring reveals some mammal recoveries have not been sustained in the presence of a broad-scale threat abatement program aimed at reducing the impact of the introduced Vulpes vulpes (red fox)-a top-order predator and key threat to many native species in Australia. Over 51,000 records of 19 terrestrial mammal species reported from a range of survey methods (pitfall traps, Elliott box traps, wire cage traps, spotlighting, sand plots, and nest boxes) across the Upper Warren region of southwestern Australia were used to investigate population changes over 41 years . Since the mid-1990s, populations of at least 7 native mammal species or genera have successively declined at similarly rapid rates and magnitudes (80-100%): Sminthopsis spp., Rattus fuscipes, Phascogale tapoatafa, Isoodon obesulus, Pseudocheirus occidentalis, Bettongia penicillata, and Notamacropus irma. R. fuscipes has not been recorded in the region since 2005 and may have become locally extinct. The other species that have declined remain at risk of becoming locally extinct. Three species have increased since 2000: Trichosurus vulpecula, Dasyurus geoffroii, and Notamacropus eugenii. The Upper Warren region in which this community disassembly has occurred is one of the principal sites for the conservation of many threatened mammal species and is within Australia's global biodiversity hotspot. We discuss the critical importance of long-term monitoring and the need to identify the causes of population change to inform how conservation and management activities can best be focussed. Predation by the introduced Felis catus (cat) is hypothesized as the most likely common or primary cause behind many of the recent declines in the Upper Warren. The integrated reduction of both cats and foxes, conducted within an experimental framework, is the most direct and definitive action to test this and deliver the greatest practical conservation outcomes.
threatened mammals in Australia (Woinarski et al. 2014 (Woinarski et al. , 2015 . About 10.7 million hectares of Australia is subject to fox and dog (Canis familiaris) control, principally through the use of poison baits (Reddiex et al. 2006 ). An increased focus on the control of feral cats across Australia is currently underway, in recognition of the threat they pose to biodiversity conservation (Department of the Environment 2015).
Historically, many of the mammal declines occurred in the drier interior of Australia and the more mesic areas of the continent have constituted important refugial areas for many species (Short and Smith 1994; McKenzie et al. 2007; Johnson and Isaac 2009; Woinarski et al. 2014 ). More recently, however, multiple species declines have been observed in some of these refugia, including in northern Australia (Woinarski et al. 2001 (Woinarski et al. , 2010 and parts of southeastern Australia (B. Wilson, Deakin University, pers. comm.) .
The Upper Warren region ( Fig. 1 ) is within Australia's only global terrestrial biodiversity hotspot (Myers et al. 2000) . It is also within the jarrah forest biogeographic region. This bioregion holds the remaining populations of a number of native mammal species that previously had much larger distributions (National Land and Water Resources Audit 2002) . The Upper Warren is singularly the most important area within this bioregion for the conservation of many mammal species. This is because it supports high abundances and diversity of conservation-priority mammals (Department of Environment and Conservation 2012; K. Bain, Department of Parks and Wildlife, pers. comm.) within the critical weight range (35-5,500 g- Burbidge and McKenzie 1989) , which are considered particularly susceptible to exotic predators (e.g., Johnson and Isaac 2009; Bilney 2014) .
Dramatic increases in abundance of at least 4 native mammal species in the Upper Warren region began in the 1970s following the start of fox control, using meat baits containing the naturally occurring sodium fluoroacetate (1080) toxin (to which native mammals are naturally tolerant), and its subsequent expansion in extent and frequency in the following decades (Morris et al. 2000; Burrows and Christensen 2002; Wayne et al. 2006) . Similar responses by native mammals to fox control were also observed at other sites in southwestern Australia (e.g., Friend 1990; Morris et al. 2003; Orell 2004; Kinnear et al. 2010; Wayne et al. 2011 ) and southeastern Australia (Dexter et al. 2007; Dexter and Murray 2009; Robley et al. 2014) . As a direct result of these conservation actions, 3 species of marsupials were removed from the Western Australian threatened species list: Bettongia penicillata ogilbyi (woylie or brush-tailed bettong), Isoodon obesulus fusciventer (quenda or southern brown bandicoot), and Notamacropus eugenii (tammar wallaby-Start et al. 1998; Wyre 2004) .
More recently, however, several species have declined substantially in parts of the Upper Warren, including Phascogale tapoatafa wambenger Rhind and Aplin subsp. nov. (wambenger or brush-tailed phascogale- Scarff et al. 1998; Rhind and Bradley 2002) and Pseudocheirus occidentalis (ngwayir or western ringtail possum- Wayne et al. 2005a) . B. penicillata has also undergone a 90% decline across its range, including a 95% decline in the Upper Warren region (Wayne et al. 2013 (Wayne et al. , 2015 . The conservation status of these taxa has subsequently been evaluated as Vulnerable, Endangered, and Critically Endangered, respectively (Department of Parks and Wildlife 2014), largely on the basis of the declines observed in the Upper Warren region.
The population changes of several mammal species in the Upper Warren have major implications for their conservation and recovery. To date, these population changes have been largely considered at the site level and in isolation to each other. However, a substantial body of data collected from various monitoring and research programs within the region over the last 41 years provides an unrivalled opportunity to investigate changes in the terrestrial mammals across the region. The objective of this paper is, therefore, to provide a more holistic and integrated assessment of the population changes of nonvolant terrestrial mammals in the Upper Warren. Our principal hypotheses were that the reports of site-level declines of multiple mammal species are consistent with broader trends across the Upper Warren region, that they are related, and that common factors have been involved. Given the ecological and biological similarities within the mammal community, we predicted that other mammal species also will have contemporaneously undergone substantial population changes and that the nature of these changes should provide evidence as to the likely drivers. Therefore, our specific aims were 1) to integrate the data from different monitoring programs conducted within the Upper Warren to present a coherent assessment of population trends at the regional level, 2) verify whether the trends in capture or detection rates reflect real changes in abundance, 3) investigate the characteristics of the population changes, and 4) seek to identify the likely causes of observed trends for the purposes of identifying if and how best to respond.
Materials and Methods
Study area.-The Upper Warren region experiences a Mediterranean-type climate with warm, dry summers and cool, wet winters and typically supports forests and woodlands dominated by jarrah (Eucalyptus marginata), marri (Corymbia calophylla), and wandoo (Eucalyptus wandoo) trees (Burrows and Christensen 2002) . The region includes 140,000 ha of publicly managed forests and woodlands extending across the Greater Kingston (western portion) and Perup (eastern portion) subregions (Fig. 1) . The western portion of the region is composed of National Park and State Forest (Department of Environment and Conservation 2012), whereas the eastern portion is dominated by the Tone-Perup Nature Reserve (hereafter, Perup). The Perup River and associated land cleared for agriculture separates the subregions (Fig. 1) . The public forests are subdivided into management units called forest blocks, each of around 5,000 ha.
Significant management activities in the region include prescribed burning and fire control (McCaw et al. 2005) , timber harvesting (Wayne et al. 2006) , and the use of 1080 poison baits to control the introduced red fox (Burrows and Christensen 2002; Wayne et al. 2006 Wayne et al. , 2013 Department of Environment and Conservation 2012) . Periodic (once every year or 2) foxbaiting along perimeter and internal forest tracks began in 1977 in Yendicup and Boyicup forest blocks. Fox-baiting expanded greatly in extent and frequency in the 1990s, with annual baiting across parts of Perup between 1990 and 1992, twice-yearly baiting across most of Perup and Greater Kingston from 1993, and quarterly baiting from 1995 in Greater Kingston and from 1997 in Perup. Since May 1997, there also has been quarterly broad-scale aerial baiting as part of the Western Shield conservation program (Wyre 2004 (Supplementary Data SD2 and SD3) .
Transects of cage traps along forest roads and grids of cage traps, medium-sized Elliott box traps, and pitfall traps (Table 1) were used to derive species capture rates (number of independent captures divided by trap effort). Detection rates (number of individuals divided by transect length [km] ) from spotlighting surveys were derived from regular long-term monitoring along 3 spotlight transects in Greater Kingston (Wayne et al. 2005a ). To reduce observer-related variability, the methods were standardized, including having a limited core of the same 6 experienced staff to carry out the spotlighting involved in the surveys. Six arrays of sand plots (25 sand plots per array, spaced 500 m apart, each sand plot being 1 m by approximately 4 m of sand across minor forest roads to monitor animal tracks) were used to derive activity indices of introduced mammals such as V. vulpes, F. catus, Oryctolagus cuniculus (European rabbit), and medium-large sized native species, similar to those used elsewhere in Australia (Environmental Protection Authority 2007). Grids and transects of nest boxes provided detection rates for Ph. tapoatafa (i.e., number of nest boxes with a live individual present divided by the number deemed habitable at the time of the survey). The annual mean capture or detection rate for each method, for each species, was derived for each site (i.e., equal statistical weight was assigned to each session within a year). Annual means across the region were derived for each method from the mean across sites within a given year (i.e., equal statistical weight was assigned to each site). Supplementary Data SD3 provides a detailed description of the various monitoring methods. All research on live animals conformed to the guidelines for use of wild mammals in research of the American Society of Mammalogists (Sikes et al. 2016 ) and was conducted with approvals from the Animal Ethics Committee of the Department of Parks and Wildlife and its predecessor agencies, and in accordance with the relevant departmental standard operating procedures at the time.
Selection of primary and secondary data sets used to assess population changes.-Only data sets that included at least 6 years of repeat surveys over at least 7 successive years using a consistent and comparable methodology over space and time were selected for inclusion in this study (Supplementary Data SD2 and SD3) . Records of Sminthopsis gilberti and S. fuliginosus (dunnarts) were grouped at the genus level given their morphometric, biological, and ecological similarities. Similarly, given the difficulties of distinguishing between Macropus fuliginosus, Notamacropus irma, and N. eugenii based on foot prints alone, these taxa were combined and regarded as Macropodidae for the sand-plot data. The survey methods that generated the largest and most robust data sets for each taxon were selected as the primary data sets to assess population changes over time.
Verification that population changes are real.-Independent sources of data used to verify the population changes observed in the primary data sets (trapping data for most species) included detection rates from spotlight monitoring, sand plots, and nest-box surveys. Regression analyses were used to assess the strength of relationship between detection rates from independent survey methods used comparably in space and time.
Population changes.-The primary detection rates used for each species were standardized by converting the annual values to a proportion of the peak rate. Percentage change in abundance was based on ((V 2 − V 1 )/V 1 ) * 100, where V 1 is the earlier value and V 2 is the later value. Regression analyses were used to assess whether mean annual detection rates varied over time (year). Only the period in which there was a consistent trend of change was included in these models. A regression analysis also examined the relationship between the mean body mass of adults of each species (A. A. Burbidge, Department of Parks and Wildlife, pers. comm.; square-root transformed in accordance with Peters (1983) ) and the year of first confirmed decline (defined as substantial [> 10%] and sustained [≥ 2 years] reduction in detection rate).
results
Data selection for the investigation of population trends.-A total of 154,003 cage, Elliott, and pitfall trap nights (1974-2014; Supplementary Data SD2) resulted in 28,091 independent captures of 10 mammal taxa (Table 1) . A further 10,238 detections of 12 species came from 392 spotlight surveys in Greater 1994-2000 1994-2000 1994-2014 1974-2014 1995-2014 2006-2013 1994-2014 . Abundance measures for Sminthopsis spp. and Ph. tapoatafa were based on a standardized combining of capture results from different trap types and included some data from sites disturbed by timber harvesting given that the changes in capture rates were shown to be independent of the disturbance (Supplementary Data SD3). Conversely, records of Mus musculus (introduced house mouse) were positively associated with timber harvesting and there were insufficient remaining data to adequately assess population trends independent of timber harvesting (Supplementary Data SD3) . Only data from the cages were used to assess population changes of Rattus fuscipes (mootit or southern bush rat; Supplementary Data SD3).
Monitoring records for Rattus rattus (introduced black rat; Supplementary Data SD3), Myrmecobius fasciatus (numbat), and Tachyglossus aculeatus (echidna; Table 1) were insufficient to assess trends. Nonvolant native mammal species not recorded with these survey methods but otherwise known to occur in very low numbers in the area include Setonix brachyurus (quokka), Antechinus flavipes (mardo), and Cercartetus concinnus (mandada or western pygmy possum). Although there were no records, Hydromys chrysogaster (rakali or waterrat) are known to occur nearby and were expected to occur in the Upper Warren.
Assessing whether changes in fauna detection rates were real.-The capture rates in cage traps for Dasyurus geoffroii (chuditch) and I. obesulus were significantly correlated with their activity indices derived from sand plots across the Upper Warren region and detection rates from spotlighting in the Greater Kingston area, respectively (Table 2) . Whereas neither the detection rates of Trichosurus vulpecula (koomal or common brushtail possum) from spotlighting or sand plots were significantly related to their capture rates in traps, the capture rates of Ph. tapoatafa were significantly correlated with their live occupancy rates in nest boxes across the region (Table 2) .
There were insufficient trapping records of the highly arboreal and trap-shy Ps. occidentalis in the Greater Kingston area (2 animals, 1995-2014) to independently verify the changes in the detection rate from spotlight monitoring in the same area. While there were 20 records of Ps. occidentalis captured in traps across the entire region, 5 were from 1994, before spotlight surveys began. Nonetheless, the regional trends in capture rates correspond with the spotlight detection rates in Greater Kingston, despite the disparity in the sample areas in this comparison and the small sample size of captured animals. Less routine spotlight monitoring elsewhere in the region showed similar trends in Yendicup and Yackelup (2000-2014 There were no independent data to verify if the capture rates for R. fuscipes, or the activity indices from sand plots for F. catus, O. cuniculus, or V. vulpes, reflected true abundance. Sand plots, however, have been demonstrated elsewhere to be a sensitive and reliable method for surveying a range of terrestrial vertebrates including the aforementioned species and large macropods (Allen and Engeman 2015) . Both the activity index Table 2 .-Test results to determine whether the changes in the primary indices of abundance (derived from trapping) were real by means of comparison with independent measures of abundance. Regression results include the degrees of freedom (d.f. = n − 1), R-squared value (R 2 ), F-statistic (F), and where there is a significant relationship, the regression coefficient (a) and intercept (b) for y = ax + b, where y is the independent detection rate (annual mean number of individuals detected by spotlighting/km, activity index from sand plots, or proportion of nest boxes in which a live Phascogale tapoatafa was present) and x is the trap capture rate (total number of trap captures divided by the total trap effort, multiplied by 100). for large macropods from sand plots and the total detection rate of Macropodidae from spotlight monitoring were stable over time (2006) (2007) (2008) (2009) (2010) (2011) (2012) (2013) (2014) . However, there were no independent data to verify the spotlight detection trends over time for the 3 species of macropods individually (e.g., because these species cannot be reliably differentiated from sand plots).
Changes in abundance of native fauna.-Eight mammal species declined significantly, 3 increased significantly, another increased but not significantly so, and 2 have been stable since 1994 (Table 3 ). The regional mean capture rates of I. obesulus, T. vulpecula, and D. geoffroii were low in the 1970s and 1980s, but in 1995 I. obesulus and T. vulpecula peaked before declining (Figs. 2a and 3) . Isoodon obesulus subsequently remained rare (< 1% capture rate since 2001), whereas T. vulpecula 
geoffroii).
The mean spotlight detection rate of Ps. occidentalis increased during the first years of monitoring to a peak in 1998 before declining to almost undetectable levels since 2001. The capture rates of Sminthopsis spp., R. fuscipes, and Ph. tapoatafa in traps were highest in 1994 when monitoring for these species began, after which rapid declines occurred. Activity indices from sand-plot monitoring (2006-2013) indicated significant decline in F. catus, a slight but insignificant increase in Macropodidae, and no significant trend for O. cuniculus (Table 3 ; Fig. 2) . Activity of V. vulpes was significantly higher in 2009 than all other years. Because of this anomaly, the increasing trend was not statistically significant (Table 3 ; Fig. 2) . In 2009, the 3 sand-plot arrays surveyed each had pronounced peak values of the activity index for V. vulpes that are considered real and representative of regional trends.
Patterns and associations in the changes of abundance across species.-The proportionate magnitudes of decline for the 7 declining native species or genera were similar (79-100% declines; Fig. 3 ; Table 4 ). The differences in the timing of regional declines also were clear: declines had begun by 1995 for Sminthopsis spp., Ph. tapoatafa, and R. fuscipes, 1996 for I. obesulus, 1999 for Ps. occidentalis, 2000 for B. penicillata, and by 2007 for N. irma. The duration of major declines was typically 4 years long for most species (range 1-6 years) and the maximum annual rates of decline were similar (65-84%, not including cases where detection rates went to zero, i.e., 100% decline). The 4 species for which there were predecline data (Ph. tapoatafa, I. obesulus, Ps. occidentalis, and B. penicillata) were all apparently increasing strongly prior to decline (Rhind 1998 ; Fig. 3 ; Table 4 ).
The rates and the magnitudes of recent increases in T. vulpecula and D. geoffroii have been substantial (Table 4) and began 1 and 5 years, respectively, after the decline in B. penicillata began. However, while it seems that between 1994 and 2014, inclusive, the changes in capture rates of T. vulpecula and D. geoffroii may be inversely related to those of B. penicillata (F 1,19 = 60.831, P < 0.0001, R 2 = 0.76 and F 1,19 = 13.099, P < 0.0018, R 2 = 0.41, respectively), they are not adequately explained by changes in trap availability given that little of the variability in both species' capture rates could be accounted for by their relationship with the total capture rate of all mammals in the same traps (F 1,19 = 7.267, P < 0.014, R 2 = 0.28 and F 1,19 = 4.106, P < 0.057, R 2 = 0.18, respectively). This is especially so since at least some of this relationship is explained by the fact these species constituted up to 80% and 12% of all captures in any given year, respectively. Furthermore, total captures of all medium-sized mammals were always less than 68%, meaning that a substantial proportion of traps remained available.
The significant increase in N. eugenii in the Greater Kingston area that began by 2007 was associated with translocations to multiple sites (1998) (1999) (2000) (2001) (2002) (2003) (2004) (2005) (2006) (2007) (2008) (2009) (2010) within 3-9 km from the monitoring transects (Supplementary Data SD2) . No information on the longer-term or broader regional trends of N. eugenii abundance was available.
Of the 7 mammal species or genera exhibiting declines, smaller taxa declined earlier (F 1,5 = 66.67, P = 0.0004, R 2 = 0.93). Both terrestrial and arboreal species across a range of families with a range of diets have declined. The simultaneous declines of Sminthopsis spp. and Ph. tapoatafa, both small insectivorous dasyurids marsupials, suggest that the causes of decline may be the same in the 2 groups. Similarly, the timing of the declines of Ps. occidentalis and B. penicillata at a subregional scale roughly coincide, beginning in Greater Kingston in 1999 and subsequently declining in Perup between 2001 and 2009 (Wayne et al. 2012 (Wayne et al. , 2013 (Wayne et al. , 2015 . However, they are otherwise quite different species in terms of phylogeny, diet, habit, and fecundity. I. obesulus has a terrestrial habit similar to B. penicillata with some dietary overlap with Sminthopsis spp., have not been published previously. Furthermore, it is possible that R. fuscipes may have become locally extinct because it has not been detected for 10 years despite considerable survey effort. None of the declined species have subsequently recovered and all remain at risk of local extinction.
The declines are important for the conservation of these species. For example, the Upper Warren populations of B. penicillata and Ps. occidentalis constituted 85% and > 50%, respectively, of the total populations of these species before the declines and much of their genetic diversity (Wilson 2009; Pacioni et al. 2011; Wayne et al. 2013 ). The substantial changes in abundance of multiple mammal species also are likely to affect ecosystem functions and resilience, particularly since keystone species and ecosystem engineers are involved, including digging mammals (Fleming et al. 2014 ) and seed and spore dispersers (Murphy et al. 2005; Zosky 2011 ) such as B. penicillata and I. obesulus.
Conversely, 3 native mammals have increased more recently. The increase by the vulnerable species D. geoffroii, if sustained, would contribute substantially to a proposed downgrade of its conservation status (Woinarski et al. 2014 ). Regional increases of T. vulpecula have been observed elsewhere in southwestern Australia in areas subjected to fox-baiting (e.g., Orell 2004; Wayne et al. 2011 ), but there have also been declines in recent decades (Cruz 2011) . The increase of N. eugenii ("Conservation dependent" under the Western Australian Wildlife Conservation Act) demonstrates the success of reintroduction efforts in Greater Kingston (1998 Kingston ( -2010 ; however, population trends more broadly across the region and its entire range are still poorly resolved.
While some other species were apparently stable over the relatively short periods they were monitored (e.g., M. fuliginosus and introduced O. cuniculus), there were insufficient data to adequately assess the long-term trends of these and other mammals. Of particular importance and concern is M. fasciatus because the population in the Upper Warren is the larger of only 2 remaining indigenous (nontranslocated) populations, less than 1,000 individuals are estimated extant in the wild, an elevation in conservation status to Endangered has been recommended (Woinarski et al. 2014) , and it is within the weight range of other native mammal species that have declined in the Upper Warren.
Assessing whether the changes are real.-Verification that population changes are real is a fundamental first step to the diagnosis of the agents of change and can be critical to prompt support and action (Caughley 1994; Wayne et al. 2013) . Capture rates of several species have been shown to provide a robust and reliable measure of real changes in abundance (Supplementary Data SD3; Wayne et al. 2013; Wayne et al. 2016) . The efficacy of spotlighting to provide a relative measure of abundance also has been examined to some extent for possums within the region and elsewhere (e.g., Wayne et al. 2005a Wayne et al. , 2005b , and references within; Barrett 2016). However, more clarity is still needed as to how relative measures or indices of abundance relate to true abundance for possums and larger macropods using spotlighting and sand-plot methods. The comparative and analytical approaches of others, such Guthlin et al. (2014) and Allen and Engeman (2015) , may be helpful in this regard.
Patterns and causes of population change.-Understanding the causes of the population declines reported here is imperative to inform appropriate, effective, and timely conservation management responses (e.g., Caughley and Gunn 1996; Martin et al. 2012) . Drought and climate change have been suggested as the causes of the recent declines of Ph. tapoatafa (Rhind 1998; Scarff et al. 1998; Rhind 2002; Rhind and Bradley 2002) , and Ps. occidentalis. These 2 causes are considered to have acted in conjunction with other stressors including factors affecting habitat quality (such as fragmentation, fire, and timber harvesting), predation by V. vulpes, and competition from T. vulpecula (Jones 2004; Jones et al. 2004; Wayne et al. 2006; Williams et al. 2014) . Predation, particularly by F. catus, and potentially disease, making individuals more vulnerable to predation, are the leading hypotheses for the declines of B. penicillata (Marlow et al. 2015; Wayne et al. 2015) . Road density and distance to agricultural land also have been significantly associated with the abundance of B. penicillata (negatively Table 4 Ants and termites Terrestrial and positively, respectively) and may be related to access by introduced predators from farmland into the forests (Yeatman 2016) . Genetics (Pacioni et al. 2011) , food resources (Zosky 2011) , timber harvesting , climate, fire, and habitat loss were not associated with B. penicillata population changes in the Upper Warren.
The relative abundances and the 1-9 year lags between the declines of the 7 native mammals and the increases of T. vulpecula and D. geoffroii suggest that these increases are not a cause of the declines (e.g., through competition or predation), but if related, may be an effect of the declines (e.g., increased resource availability). This may well be the case for T. vulpecula given their particularly strong negative correlation with abundance of B. penicillata and their dietary overlap (Davis 2005) .
Considering the successive decline of mammal species in ascending order of body size and the similarities in the nature of these population changes, it seems likely that these declines are related and the factors driving these changes are the same or similar across these species. Based on our current understanding, we hypothesize that increased predation by F. catus, in response to reduced competition and predation from V. vulpes and increased prey availability (both resulting from fox control), is the most likely common or primary cause behind many of the recent declines in the Upper Warren region. Indeed, the "mesopredator release" of cats in the presence of fox control has been observed elsewhere in southwestern Australia (Marlow et al. 2015 ; K. D. Morris, Department of Parks and Wildlife, pers. comm.), and analogous mesopredator releases have been frequently observed more broadly around the world, often resulting in trophic cascades (e.g., Prugh et al. 2009; Terborgh and Estes 2010; Ripple et al. 2014; Suraci et al. 2016) .
Determining the factors limiting recoveries of the residual small populations is now also critical to the viability of affected species (e.g., Caughley 1994) . Introduced predators are considered the most important limitation to the recovery of B. penicillata based on 1) mortality and forensic evidence from wild individuals fitted with radiotransmitters, and 2) the rapid increase of a colony established within Perup Sanctuary (a 423-ha, predator-free fenced enclosure containing previously occupied native habitat within the Upper Warren region, established in 2010 to support a genetically diverse and representative insurance population of B. penicillata, in which a 6-fold increase from 41 founders within the first 2.5 years was observed compared with no concurrent recovery elsewhere in the region). Introduced predators also may be limiting the recovery of other declined native mammals in the Upper Warren region.
While some associations have been found and putative agents have been suggested, causality has not been demonstrated for any of the population changes in the Upper Warren. The challenge remains in distinguishing whether associations between species and other factors are coincidence or related, and if related, whether they are a cause or an effect of these changes. To do so requires substantive evidence and scientific rigor. The "declining population paradigm" (Caughley 1994; Caughley and Gunn 1996) , the outbreak investigation method (e.g., Laurance et al. 1996; Skerratt et al. 2007; Skerratt et al. 2011) , and related scientific approaches (e.g., Peery et al. 2004) provide systematic diagnostic frameworks that may help identify the cause(s).
Direct investigations of the putative agents of population change and their interactive effects are also necessary (e.g., Caughley and Gunn 1996; Doherty et al. 2015) . For example, a holistic and integrated threat abatement program that effectively addresses cats and foxes, within a scientific and active adaptive management framework (Walters and Holling 1990) , is recommended because it can simultaneously deliver conservation outcomes and test the role of introduced predators.
More holistic ecological and systems approaches that consider the direct and indirect interactions between species across trophic levels also are needed. They also represent an opportunity to empirically explore how these changes may relate to relevant ecological concepts such as mesopredator release, trophic cascades, irruptive oscillations, predator-prey interactions, population and resource dynamics, top-down and bottom-up processes of population regulation, latencies, and extinction debt.
Comparisons with changes in mammal communities elsewhere in Australia will help to contextualize and determine the significance of the declines in the Upper Warren and explore to what extent they are similar or representative of a bigger phenomenon (Wayne et al. in press ). Custodians of unpublished fauna monitoring data also are encouraged to publish their results. Indeed, substantial declines of mammals elsewhere in southwestern Australia have been recently observed but need quantification. Nonetheless, post-recovery declines of native mammals associated with fox control elsewhere have been published (e.g., Friend 1990; Morris et al. 2003; Orell 2004; Kinnear et al. 2010) and intriguingly the timing of these declines has been related to the species' population growth rates (N. Dexter, Booderee National Park, pers. comm.) .
Monitoring, management, and conservation implications.-This study demonstrates that threat abatement programs targeting invasive alien species can be remarkably successful. But many of these conservation gains have not been sustained. These surprises highlight the importance of long-term monitoring, the challenges of conservation and wildlife management, and the opportunities to better understand the multifaceted and interactive nature of threats to vulnerable species and communities.
Identifying the factors driving these population changes also may prove vital in understanding why Australia continues to suffer disproportionately high losses of mammals compared to other regions in the world (e.g., Woinarski et al. 2015) . Adequate and timely responses to the evidence of species declines also are critical. Past failures, delays, or inadequacies to act on monitoring evidence of declines have been related to recent extinctions of other species (e.g., Woinarski et al. 2016) . Lessons learned from these cases include the need for explicit links between monitoring and management (Lindenmayer et al. 2013) , appropriate governance, leadership and accountability (Martin et al. 2012) , and the fundamental importance of management decisions to be based on sound scientific principles and evidence (e.g., Clark et al. 1994; Caughley and Gunn 1996; McCarthy and Possingham 2007) . Failure to do so may result in costly mistakes, lost opportunities, irreversible ecosystem changes, and preventable extinctions. 
